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EDITOR’S NOTE:

This is 1 of 5 articles generated from the SETAC Pellston Workshop “Ecotoxicological Hazard and Risk Assessment

Approaches for Endocrine-Active Substances (EHRA)” (February 2016, Pensacola, Florida, USA). The primary aim of the
workshop was to provide objective advice, based on current scientific understanding, to regulators and policy makers,
whether in industry, government, or academia. The goal is to make considered, informed decisions on whether to select an
ecotoxicological hazard- or risk-based approach for regulating a given endocrine disrupting substance under evaluation.
ABSTRACT
Because regulatory programs evaluate substances for their endocrine-disrupting properties, careful study design and data

interpretation are needed to distinguish between responses that are truly endocrine specific and those that are not. This is

particularly important in regulatory environments where criteria are under development to identify endocrine-disrupting

properties to enable hazard-based regulation. Irrespective of these processes, most jurisdictions use the World Health

Organization/International Programme on Chemical Safety definition of an endocrine disruptor, requiring that a substance is

demonstrated to cause a change in endocrine function that consequently leads to an adverse effect in an intact organism. Such

a definition is broad, and at its most cautious might capture many general mechanisms that would not specifically denote an

endocrine disruptor. In addition, endocrine responses may be adaptive in nature, designed to maintain homeostasis rather

than induce an irreversible adverse effect. The likelihood of indirect effects is increased in (eco)toxicological studies that

require the use ofmaximum tolerated concentrations or doses, whichmust produce some adverse effect. Themisidentification

of indirect effects as truly endocrinemediated has serious consequences for prompting animal- and resource-intensive testing

and regulatory consequences. To minimize the risk for misidentification, an objective and transparent weight-of-evidence

procedure based onbiological plausibility, essentiality, and empirical evidence of key events in an adverse outcomepathway is

recommended to describe the modes of action that may be involved in toxic responses in nontarget organisms. Confounding

factors such as systemic toxicity, general stress, and infection can add complexity to such an evaluation and should be

considered in the weight of evidence. A recommended set of questions is proffered to help guide researchers and regulators

in discerning endocrine and nonendocrine responses. Although many examples provided in this study are based on

ecotoxicology, the majority of the concepts and processes are applicable to both environmental and human health

assessments. Integr Environ Assess Manag 2017;13:280–292. �C 2016 The Authors. Integrated Environmental Assessment and

Management published by Wiley Periodicals, Inc. on behalf of Society of Environmental Toxicology & Chemistry (SETAC)
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INTRODUCTION
With legislation requiring substances to be screened and

tested for endocrine effects, a need exists to distinguish
effects that are specifically endocrine mediated from those
2016 The Authors/ieam.1883
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that could be a result of general toxicity, as well as those that
could induce some homeostatic endocrine response without
leading to an adverse effect. Under certain legislations,
this is particularly important because regulatory decisions
might categorize a substance as an endocrine disruptor (ED)
without considering the likelihood ormagnitude of exposure,
which could have significant implications for the future use
of a chemical in commerce. The most widely accepted
definition of an ED that is used in this context is that by
the World Health Organization/International Programme
on Chemical Safety (WHO/IPCS), which requires that a
substance alter the function of the endocrine system and
consequently result in adverse effects in an intact organism
(Damstra et al. 2002).

A major challenge in toxicology and risk assessment is
understanding the mode of action (MoA) of a substance
that is responsible for subsequent environmental and
health effects of regulatory concern. This can be particularly
challenging in the case of endocrine-active substances
(EASs), where several MoAs may exist. These MoAs might
affect multiple hormone pathways and manifest effects in
multiple tissues. Further, systemic toxicity or nonendocrine-
mediated MoAs can secondarily affect hormone pathways
and tissues through alternative pathways. Indeed, this
challenge has been recognized by several stakeholders,
including the US Federal Insecticide Fungicide and Rodenti-
cide Act Science Advisory Panel, convened to consider US
Environmental Protection Agency’s (USEPA’s) proposed
weight-of-evidence (WoE) evaluation procedures for the
Endocrine Disruptor Screening Program (EDSP) Tier 1 data.
The Science Advisory Panel stated, “In summary, the Panel
agreed that little, if any, weight should be placed on signs
of endocrine disruption in the presence of overt toxicity.
All effects in endocrine sensitive tissues should be evaluated
in terms of primary interactions with the endocrine system
vs. secondary effects related to toxicity in non-endocrine
organs or overall disruptions in homeostasis” (USEPA 2013).
Distinguishing responses that are endocrine mediated
from those resulting from systemic toxicity is important
for subsequent decision making and risk management
(Matthiessen et al. this issue). This is especially important
where regulatory decisions might be based on a substance
being identified as an ED (hazard based) rather than the
demonstration of tolerable risk based on exposure and
adverse effects, be they endocrine mediated or not (risk
based).

One recent concept that has been proposed as a useful
approach to help identify whether a chemical can be
classified as an EAS is that of the adverse outcome pathway
(AOP). An AOP is a conceptual framework that aims to link,
and ultimately predict, an apical outcome of relevance to
hazard and risk assessment (e.g., disruption of reproduction
or development) from specific molecular perturbation
patterns within a biological system (Ankley et al. 2010).
Thus, if an AOP is sufficiently well described and empirically
supported based on the WoE criteria as specified in OECD
(2016), this can add a significant degree of confidence to
Integr Environ Assess Manag 2017:280–292 wileyonlinelibrary.c
the classification of a substance as an EAS. With 2 or more
potential MoAs for a substance, several AOPs (Ankley et al.
2010) either function in parallel or interact in the causation of
adverse effects at higher levels of biological organization.
These AOPs may be easily distinguished if they operate at
different doses or require unique temporal sequences or
routes of exposure to cause an adverse effect. However,
when key events (KEs), the measurable intermediate biologi-
cal responses in AOPs, of different mechanisms occur at the
same time or at the same level of exposure, it is more difficult
to distinguish a toxicant’s MoA that leads to a specific
adverse effect.

Several Bradford-Hill considerations (Hill 1965) have been
used to identify causative relationships for EASs (Damstra
et al. 2002) and to provide a systematic assessment of
confidence in AOPs (Becker et al. 2015), which are elaborated
later. Although many examples provided in this paper are
based on ecotoxicology, the majority of the concepts and
processes are applicable to both environmental and human
health assessments.

USING A WEIGHT-OF-EVIDENCE APPROACH TO
CHARACTERIZE THE POTENTIAL OF AN ADVERSE
OUTCOME TO BE ENDOCRINE MEDIATED

Weight of evidence is an often undefined term in the
literature (Weed 2005), but in the context of this study,
it refers to the process recommended to reach a regulatory-
relevant decision used in the USEPA’s evaluation of the
results of the EDSP Tier 1 screening tests (T1S) (USEPA 2011),
as well as the hypothesis-driven WoE framework described
by Borgert and colleagues (2011, 2014). This type of
consistent and transparent WoE framework is required to
integrate various lines of evidence to determine whether a
substance should be considered an endocrine-disrupting
substance (EDS). Individual lines of evidence should be
assembled, and fully and transparently documented within
the conceptual framework of an AOP in a WoE approach
similar to that described by Becker et al. (2015), using
considerations modified from Bradford-Hill to: 1) test the
biological plausibility that a response may act through an
endocrine mechanism; 2) determine the essentiality of the
upstream events (e.g., interaction with a hormone receptor
or steroidogenic enzyme) to cause a downstream effect
(e.g., suppression of plasma sex hormone concentrations);
and 3) determine the strength of empirical evidence for the
observed effect to be caused by disruption of an upstream
endocrine function (Figure 1). Because the goal is to
determine whether the adverse effect of a chemical can be
conclusively and reliably linked with an endocrine-specific
molecular-initiating event (MIE; or first measurable KE if the
MIE is unknown), establishing plausible linkages between
mechanistic measurements and relevant apical outcomes
represents one approach for determining whether apparent
endocrine system interactions may actually be responsible
for observed adverse effects in a test (Borgert et al. 2014).
Integrating all available and relevant screening level data
was also a recommendation of the USEPA in their WoE
2016 The Authorsom/journal/ieam



Figure 1. Generic example for aromatase inhibition in an adverse outcomepathway. Theweight of evidence provides general criteria for assigning the strength of

association for biological plausibility, essentiality, and empirical evidence. Modified from Becket al. (2015).
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guidancedescribed as “a collective evaluation of all pertinent
information so that the full impact of biological plausibility
and coherence is adequately considered” (USEPA 2011).
In this WoE process, the quality and reliability of data are
important considerations (Borgert et al. 2011 [supplemental
material]; Lynch et al. 2016; McCarty et al. 2012). Similarly, a
WoE approach can be applied to the AOP framework to
include USEPA General Assessment Factors for KEs and
confirmation of causality for KE relationships (Collier et al.
2016). Although outside the scope of this study, the weighing
of data quality and establishment of causal linkage criteria
are useful to determine lines of evidence and overall
relevance of an AOP.
Although the AOP approach is, in theory, a straightforward

process, the complexity of biological systems and interac-
tions between different endocrine and other physiological
processes (e.g., increased metabolism resulting in increased
elimination of hormones) often render it difficult to determine
whether a substance of interest can be categorized as
an EDS.

ESTABLISHING BIOLOGICAL PLAUSIBILITY OF
ENDOCRINE-MEDIATED ADVERSE EFFECTS
The first step in establishing biological plausibility for a

suspected EAS to cause adverse apical effects is to determine
Integr Environ Assess Manag 2017:280–292 DOI: 10.1002
a mechanistic basis for linking KEs along a proposed AOP
to confirm an endocrine MoA. Although in vitro and in vivo
screens included in current testing programs and frame-
works, such as EDSP’s T1S battery and theOECDConceptual
Framework (OECD 2012; USEPA 2015), provide empirical
evidence for the ability of a chemical to act through an
endocrine MIE or KE, emerging computational or in silico
tools also provide a suitable resource in support of
determining biological plausibility. Most in silico methodol-
ogies use experimental data derived from in vivo or in vitro
tests to identify patterns among chemicals or biological
targets for use in computational models and hazard
prediction. For example, quantitative structure–activity
relationship models, which are used to predict the potential
biological activity of a chemical based on its structure and
physicochemical properties (Bradbury 1994), are increasingly
used to characterize the potential of a target chemical to
interact with specific endocrine targets such as hormone
receptors (Aladjova et al. 2009).
In contrast with human health hazard or risk assessments,

environmental assessments are complicated by the plethora
of different species that need to be protected. This
represents a significant challenge for the application of
AOPs as the molecular targets, and associated toxicity
pathways, particularly for EASs, can differ among different
2016 The Authors/ieam.1883
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organisms. Therefore, there has been increased focus on
the development of computational approaches that can be
used to compare target molecules of MIEs or KEs among
taxonomic groups and make first predictions for resulting
adverse outcomes. An example of such a tool is USEPA’s
Sequence Alignment to Predict Across Species Susceptibility
(SeqAPASS) that aligns the sequence of the functional
molecule representing a MIE, such as a receptor or enzyme,
that has been shown to trigger an adverse effect (Lalone et al.
2013, 2016). For example, a comparison of the susceptibility
to estrogenic chemicals based on estrogen receptor (ER)
molecular target sequence similarities among animal taxa
using protein sequence similarity analysis showed a high
degree of conservation among vertebrate species when
using the human receptor as query (Lalone et al. 2014).
Furthermore, because invertebrates typically lack a functional
ER, these taxa had minimal sequence similarity with
vertebrates and, consequentially, minimal sensitivity for
related pathways. Indeed, a strong correlation exists when
comparing the intrinsic susceptibility predictions derived
from the SeqAPASS analysis for aquatic species with
empirical toxicity data. Thus, SeqAPASS and other molecular
target sequence tools provide an approach to characterize
the diversity of taxa affected by common MIEs, including
endocrine targets. Even though these approaches provide
biological plausibility, in vitro or in vivo studies are still
required to provide empirical evidence and further define
whether a chemical might be an EAS.

ESSENTIALITY OF KEY EVENTS IN DETERMINING
AN ENDOCRINE-RELATED ADVERSE OUTCOME

Essentiality for a particular adverse outcome to be
triggered through an endocrine MIE or KE refers to whether
this apical effect is prevented if an upstream KE is blocked.
Counterfactual evidence is needed to establish essentiality,
and several types of experiments, including stop, reversibil-
ity, recovery, and antagonism studies and knockout models,
can be useful in this regard. Empirical evidence, such as has
been generated to show the essentiality of aromatase
inhibition on the depression of estradiol, the subsequent
depression of vitellogenin (VTG), and the resulting decline in
fecundity, as well as the possibility for recovery after exposure
stops (Ankley et al. 2009; Villeneuve et al. 2009; Ankley and
Villeneuve 2015), represent a good example of empirical
evidence of KE relationships supporting a KE in an endocrine-
based toxicity pathway. Within the AOP framework, it is most
useful to determine whether blocking an individual KE will
affect the subsequent KE or the apical response; studies
evaluating the response of the overall AOP from blocked KEs
do not provide as robust an assessment, because otherMoAs
could share downstream KEs resulting in the same adverse
outcome (Becker et al. 2015).

EMPIRICAL EVIDENCE IN SUPPORT OF AN
ENDOCRINE MODE OF ACTION

Whenevaluatingwhether a chemicalhasanendocrineMoA,
the strength of KEs is largely determined by the availability of
Integr Environ Assess Manag 2017:280–292 wileyonlinelibrary.c
empirical evidence for the relationships between these KEs
leading to an adverse outcome. In this study, we describe
several approaches to derive empirical evidence for endo-
crine-specific KEs and other useful information to determine
the MoA of a substance.

Identification of endocrine MoA using in vitro and
high-throughput screening approaches

In vitro assays provide useful information to identify
potential endocrine KEs, and they have become an important
component of chemical screening and risk assessment. These
assays include cell-free test systems (e.g., receptor binding
assays), immortalized and/or stably transfected cell lines, and
primary cell or tissues explant assays (Beitel et al. 2014). In the
United States, in vitro assays are part of T1S in the EDSP,
where they are specifically used to identify compounds that
may interact with estrogen and androgen pathways (Coady
et al. this issue). Within the AOP framework, these assays
are particularly useful to determine whether a chemical has
one of the represented endocrine MIEs or related KEs.
For example, the in vitro steroidogenesis and aromatase
assays in T1S can be used to identify compounds that impair
synthesis of E2, which may lead to reduced fecundity and
reproductive function in fish (Becker et al. 2015; Coady et al.
this issue). Furthermore, in vitro assays can also be used to
measure cellular responses (e.g., transcription and transla-
tion) as downstream KEs from a toxicant exposure. In the T1S
battery, the ER transactivation assay identifies compounds
that bind to the ER and induce transcription, providing
empirical evidence of potential endocrine activity. From
this, in vitro assays can provide empirical evidence for
endocrine MIEs and early KEs that characterize the MoA of a
chemical.

In recent years, in vitro technologies have advanced to
enable high-throughput screening (HTS) for thousands of
chemicals. These technologies are useful in hazard assess-
ment because they measure chemical bioactivity across
hundreds of assays that identify endocrine and alternative
pathways. For example, the USEPA’s EDSP21 program
uses several HTS assays to characterize endocrine bioactivity;
these assays include 18 ER assays, 11 androgen receptor
assays, 4 thyroid receptor assays, and 1 aromatase inhibition
assay (http://actor.epa.gov/edsp21/). Indeed, these assays
are useful to identify MIEs and cellular responses from
EASs, and they have also been used to develop bioactivity
models for the ER pathway (Browne et al. 2015; Judson et al.
2015).

HTS applications may also be useful to identify KEs that
distinguish endocrine MoAs from alternative pathways that
lead to similar apical endpoints used in human health and
ecological risk assessment. Propiconazole, a triazole fungi-
cide and one of the case study chemicals discussed in the
supplemental information of Matthiessen et al. (this issue),
has been shown to inhibit aromatase activity in vitro.
In fish, there is an established AOP for this MIE, where
aromatase inhibition decreases E2 synthesis, leading to
impaired vitellogenesis, oocyte development, fecundity,
2016 The Authorsom/journal/ieam
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and sustainability of the population. However, several ToxCast
assays indicatepropiconazolecanalso inducecytochromeP450
expression and mitochondrial dysfunction at concentrations
less than those that cause aromatase inhibition and cytotoxicity
(Figure 2A). These data suggest the presence of alternative
toxicity pathways, where degenerative changes in the liver
from mitochondrial dysfunction and oxidative stress (i.e., from
cytochrome P450 activity) may also lead to impaired vitellogen-
esis (Figure 3). In contrast, ToxCast data for trenbolone, an
anabolic steroid, highlights the sensitivity of the androgenic
MoA compared with other bioactivities (Figure 2B). Thus, as
evident through these case studies, HTS approaches are useful
to identify KEs for AOP development (Coady et al. this issue).
Although these exciting technologies enable unprece-

dented investigation of toxicity pathways and chemical
Figure 2. ToxCast bioactivity for propiconazole (A) and 17b-trenbolone (B). The s

the lower bound (5%) cytotoxicity limit. AC50¼ half-maximal activity measured i

receptor; GPCR¼G-protein–coupled receptor; GR¼glucocorticoid receptor; M

X receptor. (Downloaded February 2016.)
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diversity, in vitro approaches have several limitations that
require attention during human health and ecological risk
assessment. The limited metabolic capacity of most in vitro
systems, in combination with other differences in toxicoki-
netic processes (i.e., absorption, distribution, metabolism,
and excretion) when compared with in vivo systems, renders
the extrapolation of in vitro responses to in vivo outcomes
uncertain. In some cases, such as for the fungicide vinclozolin,
metabolism is required to cause apical effects, but these
events are not assessed withmany in vitro tests (e.g., cell-free
receptor binding assays) (Matthiessen et al. this issue,
Supplemental Data S6).
A key challenge with the use of in vitro and/or HTS

approaches in ecological assessments is that they typically
use human or other mammalian cell lines and receptors,
olid red line represents the median cytotoxicity limit, and the dashed red line is

n the assay; AR¼ androgen receptor; Cyp¼ cytochrome P450; ER¼ estrogen

R¼mineralocorticoid receptor; PR¼progesterone receptor; PXR¼pregnane
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Figure 3. Adverse outcome pathways for aromatase inhibition, constitutive androstane receptor/pregnane X receptor (CAR/PXR) activation, and mitochondrial

dysfunction and the weight of evidence (WoE) for each with respect to the potential modes of action of propiconazole leading to an adverse effect on fecundity.

KE¼ key event; MOA¼mode of action; VTG¼ vitellogenin.

Assigning Endocrine-Specific Modes of Action—Integr Environ Assess Manag 13, 2017 285
which adds significant uncertainty for the extrapolation to the
diversity of species to be considered in an environmental risk
or hazard assessment context. It has been demonstrated
that species differences can have a significant impact on
MIE specificity among different taxa (Beitel et al. 2014, 2015;
Doering et al. 2015). Future advances in read-across
approaches, such as the previously mentioned SeqAPASS
tool, may aid in addressing these limitations to determine
species-specific sensitivities for in vitro assessments and
increase the taxonomic applicability of these assays. Finally,
cell provenance and receptor promiscuity with these in vitro
systems may also limit the specificity of an MIE (Sipes et al.
2013), as well as the sensitivity of the assays (Dreier et al.
2015). Because these factors may affect the ultimate
interpretation of an assay, they are important considerations
when establishing empirical evidence, especially for recep-
tor-mediated KEs in an environmental risk assessment
context.

Confirmation of endocrine MoAs by in vivo approaches

When a potential endocrine MoA has been identified for a
substance in in vitro studies, it is necessary to confirm its
relevance in vivo, within the context of homeostatic
Integr Environ Assess Manag 2017:280–292 wileyonlinelibrary.c
regulation. For this, appropriate screening assays containing
indicative endpoints, such as concentration of VTG in blood
plasma (e.g., OECD 229 and OECD 230), gonad histopa-
thology, and/or secondary sex characteristics (e.g., OECD
229), can be performed (Coady et al. this issue). In vivo
toxicity testing is also needed to show both adverse apical
effects (e.g., effects on reproduction, growth, or develop-
ment) and effects indicative of mechanisms of action (e.g.,
increase in the production of VTG in male fish by estrogen,
changes in secondary sex characteristics, and sex ratio). Both
apical and mechanistic responses may be influenced by
many factors such as experimental design, overt toxicity, or
interaction of different endocrine and nonendocrine path-
ways. Therefore, data shouldbe interpretedwith caution, and
all lines of evidence should be considered.

When using empirical evidence to test the hypothesis that
a chemical is causing endocrine disruption in accordance
with the Damstra et al. (2002) definition, it is necessary that: 1)
the evidence for in vivo effects be related to primary
endocrine pathways, and thus not secondarily induced by
systemic or other nonendocrine toxicity; and 2) result in an
apical effect, which can be demonstrated in the same study
(e.g., reproduction in OECD 229). If triggered by a positive
2016 The Authorsom/journal/ieam
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result in the in vivo screening or by evidence through other
information such asmammalian or wildlife studies, a definitive
study could be considered to reduce as many uncertainties in
the hazard assessment as possible by encompassing all
relevant life stages and relevant apical endpoints, andaddress
all potential effectswith sufficient statistical power. This usually
requires a full life cycle or extended 1-generation study (2- or
multiple-generation studies can also provide such information
but may not be required beyond an extended 2-generation
study; Parrott et al. this issue), which includes the administra-
tion of sufficient test concentrations and replicates to establish
a no observed effect concentration. When regulations are
hazard based rather than risk based, such that endocrine-
related responses will not be considered in the context
of potential exposure, it will be particularly important to
identify causal linkages between observed effects and apical
responses. Additional evidence such as changes in VTG,
hormone levels, secondary sex characteristics, or histopathol-
ogy of gonads and liver may be necessary to evaluate the
concordance of responses in a hypothesis-testingWoE.When
investigating theMoA, full use should bemade of all available
and relevant in vivodata across different taxa, including results
from mammalian studies to help strengthen the analysis.
In cases where a chemical has a unique, highly potent or

highly specific way by which it interacts with the endocrine
system, such as the case for hormonal receptor agonists
including 17b-trenbolone or 17a-ethynylestradiol, plausible
AOPs can be established, which are supported by the WoE
assessment for identifying them as EDS with reasonable
certainty (Matthiessen et al. this issue, Supplemental Data
S1-6). For example, given the strong empirical evidence
available for the MIE and KEs along the pathway, androgen
receptor agonism is a biologically plausible AOP for the
adverse outcome of reduced fecundity observed in studies
with 17b-trenbolone (Figure 4).
In many cases, a substance of interest might interact,

directly or indirectly, with multiple endocrine and non-
endocrine biological targets, one or more of which can
converge at upstream KEs leading to a common apical
adverse effect. In such cases, a conclusive determination that
a substance is an EDS based on the WHO/IPCS definition
(Damstra et al. 2002) is difficult. For example, there is strong
evidence from different in vitro studies that propiconazole
can inhibit CYP19 aromatase activity in fish (Figure 3;
Matthiessen et al. this issue, Supplemental Data S3). In in
vivo studies with fish exposed to fadrozole and prochloraz,
inhibition of CYP19 has been shown to lead to a reduction in
ovarian synthesis of E2, decreased concentrations of E2 in
plasma, and subsequently a decrease in production of VTG
(Ankley et al. 2009; Villeneuve et al. 2009; Ankley and
Villeneuve 2015). Vitellogenin is critical for egg quality,
subsequent reproductive success, and larval survival. Al-
though there is strong biological plausibility and ample
experimental evidence of such an endocrine toxicity pathway
leading to the adverse outcome of reduced fecundity, a
review of USEPA’s ToxCast database (Figure 2A) revealed 2
potential alternative and non-endocrine-specific MIEs by
Integr Environ Assess Manag 2017:280–292 DOI: 10.1002
which propiconazole could have caused the same effects on
critical KEs (Figure 3) (http://actor.epa.gov/dashboard/
#chemical/60207-90-1). Strong evidence also has been
found that propiconazole increases phase I metabolism
through activation of constitutive androstane receptor/preg-
nane X receptor at concentrations in vitro similar to those
needed to affect aromatase inhibition (Figure 2A). This could
increase metabolism of E2, leading to a decrease in
concentration in the plasma. Another possible pathway
includes disruption of mitochondrial function causing in-
creased oxidative stress, which has been demonstrated in
multiple fish studies (Slaninova et al. 2009; Li et al. 2010a,
2010b,2011,2012).Oxidative stress represents ageneric toxic
mechanism that can have deleterious effects on proteins,
membranes, and other functional or structural molecules, and
could be involved in affecting selected KEs in the propicona-
zole toxicity pathway including inhibition of VTG production
(Figure 3). Furthermore, whether through this oxidative stress
pathway or an alternative pathway, direct toxicity on the liver
has been observed in a regulatory fish full life cycle study in
fathead minnow (Syngenta 2013) and a 30-day study in
rainbow trout (Li et al. 2010a) at concentrations where effects
on other KEs were noted, which could explain effects on KEs
such as VTG reduction. Thus, it is not possible to conclude that
the adverse outcomes associated with the exposure to
propiconazole are definitely linked to an endocrine MIE.

Establishing empirical evidence for an endocrine MoA

To decide with certainty whether a substance has an
endocrine MoA, it is necessary to establish empirical
evidence for KE relationships that is based on answering a
series of questions concerning temporal, dose–response,
and incidence concordance relevant to the AOP being
evaluated (Becker et al. 2015). For example, is there empirical
evidence supporting that a change in KEupstream leads to an
appropriate change in KEdownstream? That is, do effects at
lower levels of biological organization (e.g., cell and tissue
responses) occur before effects at higher levels of biological
organization (e.g., organ and individual responses)? In
the AOP “Aromatase Inhibition Leading to Reproductive
Dysfunction” (https://aopwiki.org/wiki/index.php/Aop:25),
this is illustrated by the KE for reduced E2 preceding the
KE for impaired VTG synthesis (Becker et al. 2015). Robust
scientific and methodological approaches (e.g., time-series
studies) would be needed to provide empirical evidence for
temporal concordance.
Dose–response and incidence concordance is addressed

by determining whether there is empirical evidence support-
ing that a change in KEupstream occurs at lower exposures than
the KEdownstream, and whether the incidence of a KEupstream is
greater than that for the KEdownstream? Several approaches to
establish empirical evidence for KE relationships could be
considered, such as examining the relationship between test
concentrations where these effects occur at different levels
of biological organization, as well as the magnitude of effect
at these concentrations (Meek, Boobis et al. 2014). For
example, in a 21-day fish reproduction study with
2016 The Authors/ieam.1883
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Figure 4. Adverse outcome pathway for androgen receptor (AR) agonism and the weight of evidence (WoE) for the mode of action of trenbolone leading to an

adverse effect on fecundity. VTG¼ vitellogenin.
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propiconazole, a reduction in estradiol occurred at 563mg/L,
whereas the reduction in VTG level occurred at 53mg/L
(Skolness et al. 2013). This is not the outcome expected if the
aromatase AOP was responsible for the reduction in VTG
levels, because a hypothesized MoA is not supported when
upstream KEs occur at higher doses or concentrations than
downstream events (Meek, Palermo et al. 2014). However, it
should be noted that adaptive and/or compensatory
mechanisms may confound dose–response and incidence
concordance in a study if the sampling time points for the KEs
are not appropriate for the known temporal pattern of
response (Villeneuve et al. 2009).

Another exercise is to examine whether there are incon-
sistencies in empirical support across taxa and stressors that
do not align with an expected pattern for the hypothesized
MoA. Because of the conservation of the hypothalamic–
pituitary–gonadal/thyroid axes across mammalian and non-
mammalian vertebrate species, a concordance of response
would be expected for certain processes, but not for others.
For example, although initial endocrine signaling processes
associated with sex steroid synthesis and receptor activation
are likely to be similar across vertebrates, downstream
signaling processes in oviparous vertebrates might be
Integr Environ Assess Manag 2017:280–292 wileyonlinelibrary.c
different from mammals, resulting in very different apical
outcomes. Understanding the similarities, or dissimilarities, in
physiological processes across taxa will be critical to assess
conserved response patterns and associated outcomes for
certain MoAs.

Others lines of empirical evidence

Several additional lines of empirical evidence can be used
to further clarify whether population-relevant, apical effects
occur through an endocrine mechanism. One such line of
evidence is the acute-to-chronic ratio (ACR), which is the ratio
between an acute mortality benchmark concentration, such
as an LC50, and a chronic threshold of effect (no observed
effect concentration or MATC). Although the example
described in this section is for aquatic organisms, this line
of evidence should be equally useful for terrestrial species as
well. Acute-to-chronic ratios have been used to predict
chronic data for other species or in substance read-across
when acute data are known, but chronic data are limited.
Raimondo et al. (2007) reviewed data for common environ-
mental contaminants and reported the median and 90th
centile ACR to be 8.3 and 79.5, respectively. However, much
greater ACRs (hundreds to potentially more than 1 million)
2016 The Authorsom/journal/ieam
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are not unusual for some compounds such as those with
estrogenic and androgenic MoAs (Vestel et al. 2016).
Typically, a large ACR value indicates a different MoA in
the acute response, usually baseline narcosis, and the chronic
response. Although the endocrine system is fairly well
conserved across vertebrate taxa, it is expected that there
could be differences in the MoA across other taxa, such as
invertebrates and algae, when exposed to endocrine-active
chemicals. Using the lowest no observed effect concentration
for the chronic value, ACRs for estrogenic, antiestrogenic,
androgenic, and antiandrogenic pharmaceuticals were com-
paredwith propiconazole to illustrate this difference between
taxa (Figure 5). Interestingly, the ACRs for propiconazole are
similar across the taxa, including algae and invertebrates, and
are relatively small, which suggests that the MoA for the
observed chronic adverse effects may be less specific than
aromatase inhibition.
Several important criteria exist for development of ACRs

including taxa, endpoint selection, and duration of study,
particularly for endocrine MoAs. For example, if a chemical is
suspected to inhibit aromatase, these changes are expected
to decrease estrogen levels and impact reproduction in
chronic fish studies (Figure 3). Thus, using a growth endpoint
from an early life-stage fish study as the chronic endpoint
might not accurately reflect the potential MoA and could
underestimate the ACR.
When assessing the likelihood of the exposure to an

EAS triggering an endocrine-mediated adverse effect, it
is important to understand the route of exposure and
pharmacokinetic parameters that affect bioavailability and
corresponding effects. For example, in vertebrates, tamoxi-
fen is a prodrug that is metabolized to an active antiestro-
genic substance (Hoskins et al. 2009). However, gill exposure
in fish bypasses first-pass metabolism, which could reduce
the antiestrogenic response in fish compared with mammals.
Indeed, the ACR for tamoxifen is noticeably smaller in fish
than the other hormonally active pharmaceuticals, possibly
suggesting that less of the active substance is available to
Figure 5. The acute-to-chronic ratio separated by taxa for 2 estrogens (EE2

and estradiol), an androgen (trenbolone), an antiandrogen (bicalutamide), an

antiestrogen prodrug (tamoxifen), and propiconazole. Data for EE2, estradiol,

bicalutamide, and tamoxifen are from Vestel et al. (2016), for trenbolone from

Matthiessen et al. (this issue, Supp. Data S5), and for propiconazole from

Syngenta (2013).
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influence the chronic response (Figure 5). Finally, although
invertebrates (e.g.,Daphnia) are a commonmodel for chronic
reproduction studies, these organisms would not be
appropriate for developing an endocrine ACR representative
for vertebrates where they lack the specific endocrine targets
and do not respond to hormone-like activity in the same
way as vertebrates. However, they can provide a valuable
comparison with vertebrates when evaluating endocrine
potential. The striking difference between the fish ACRs
and the algae and invertebrate ACRs for the hormonal
pharmaceuticals in Figure 5 illustrates a line of evidence that
could be used, along with other information in the WoE, to
identify an endocrine-specific MoA.
Similarly, bioactivity screens such as those in ToxCast

can be used to add lines of evidence in evaluating
concordance and relative pharmacological potency. As
mentioned previously, HTS data can be leveraged to
identify MIEs and early cellular responses within an AOP.
For propiconazole, the half-maximal activity values for
both endocrine and nonendocrine activities are within the
same concentration range (Figure 2A), whereas the
androgenic activity of 17b-trenbolone is clearly lower
than other activities measured within ToxCast (Figure 2B).
Similarly, there is a large difference in the ACR between
taxa of fish, invertebrate, and algae for 17b-trenbolone,
which supports a more specific chronic endocrine MoA
(Figure 5). Although these lines of evidence would not be
as heavily weighted in the WoE analysis, they do provide
additional information to help characterize predominant
MoAs.

DATA THAT COULD CONFOUND, LIMIT, OR
INFLUENCE THE ASSESSMENT

Systemic or overt toxicity

Inmany instances, systemic toxicitymay contribute to apical
effects that might otherwise be associated with endocrine
activity. In the fish short-term reproduction test, apical
endocrine-sensitive responsesare likely at highconcentrations
because the test concentration setting guidance requires that
the high treatment be approximately one-third of the fish
acute 96-hour LC50 (Wheeler et al. 2013). For example,
reproductive effects have been observed for compounds with
established nonendocrine MoAs (e.g., acetylcholinesterase
inhibition). Similarly, impacts of systemic toxicity on endocrine
endpoints have been noted in studies with the pubertal rat
(Martyetal. 2011).Whennoconcordantchangesare related to
the suspected endocrine MoA and/or there is an impact
on body weight, systemic toxicity may be influencing
the organismal response. This was, for example, noted in
the evaluations of phosmet and chlorpyrifos by the USEPA,
where decreased fecundity in fish was attributed to systemic
toxicity because there were no treatment-related changes in
estrogen-related endpoints such as ovarian histopathology,
gonado-somatic index, plasma VTG, and plasma steroids
(USEPA 2015). The use of histopathology, omics, or other
biomarker technologies may provide diagnostic insights to
2016 The Authors/ieam.1883
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determine whether morphological damage or global stress
responses are apparent (Van Aggelen et al. 2010).

General stress response

Stress responses are important to understanding the
specificity of any observed effects on fish reproductive
biology and on fish biomarkers (Harper and Wolf 2009;
Leatherland et al. 2010; Dang 2014). In addition to their toxic
effects at the cell and tissue levels in fish, chemicals may
evoke an integrated stress response via an activation of the
hypothalamic–pituitary–interrenal axis and subsequent corti-
sol production. For example, 17b-estradiol and nonylphenol
have been shown to induce prolonged increases in release of
cortisol in juvenile Atlantic salmon (Lerner et al. 2007). In
contrast, exposure to a methyl parathion-based insecticide
and to a tebuconazole-based fungicide induced a chronic
inhibition of cortisol release in response to stress in Rhamdia
quelen fingerlings (Koakoski et al. 2014). Responses to
stress that could influence observed effects and data
interpretation are not unique to aquatic organisms. Increased
corticosterone production resulting in observed biological
responses have been noted in rodent studies as well
(Pellegrini et al. 1998; Everds et al. 2013). Chronically
elevated cortisol or corticosterone can lead to reallocation
of resources, resulting in a trade-off between energy
allocation for survival (e.g., detoxification processes) and
less essential activities (e.g., reproduction and somatic
growth). In addition to chemical stressors, physical stressors
from husbandry practices (e.g., handling and confinement)
can trigger a stress response (Pellegrini et al. 1998; Harper
and Wolf 2009). Although still part of the overall endocrine
system, adverse apical responses in chronic studies could
thus be a result of a primary interaction with the hypotha-
lamic–pituitary–interrenal axis rather than the hypothalamic–
pituitary–gonadal axis (see Dang 2014 for a comprehensive
review).

Liver-specific toxicity

Decreased circulating VTG in female fish plasma is often
an indication of inhibition of steroidogenesis (Ankley and
Gray 2013) or a direct antiestrogenic MoA (Smeets et al.
1999; Panter et al. 2002). However, a large number of other
factors affect VTG synthesis that should also be considered,
particularly because these effects could lead to a false-
positive conclusion for endocrine activity. In vertebrates,
the liver is an important organ for metabolism and
detoxification, particularly when exposure occurs through
oral ingestion and first-pass metabolism. Hepatotoxicity is a
relatively common response, particularly for pesticide-
active substances, and can affect endocrine function in
vertebrates. Effects on the liver can manifest as degenera-
tive changes and reduced functional capacity or an
induction of biotransformation processes leading to in-
creased hormone clearance (Wheeler and Coady 2016).
Either mechanism could lead to a reduction in VTG in
female fish that is not directly related to an endocrine MoA.
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Lastly, chemicals that can bind to the aryl hydrocarbon
receptor, such as 2,3,7,8-TCDD and 1,2,3,7,
8-PeCDD, can reduce transcription of VTG-RNA and block
estrogen-induced production of VTG (Anderson et al. 1996;
Grans et al. 2010; Bugel et al. 2013). This is potentially
mediated via aryl hydrocarbon receptor–ER cross talk
(Coady et al. this issue) or enhanced metabolic clearance
of steroids. Because aryl hydrocarbon receptor is involved
in detoxification pathways, changes should not necessarily
be considered endocrine mediated.

Nutritional status and altered rate of growth

Commercial fish diets, often prepared by using fish meal
and soybean, are a known source of estrogens. This may
result in differential baseline VTG concentrations in fish
exposed to EDs and mask the effects of chemicals on the
induction of VTG (Dang 2016). In addition, effects on body
weight and body size can influence endocrine-sensitive
endpoints. For example, in fathead minnow, gonad and liver
weights, as well as male fat pad weight, were found to be
proportional to body weight (Watanabe et al. 2007). So, if
there were systemic effects on body weight (e.g., reduced
feeding), then study metrics such as gonado-somatic index
could also be impacted.

Biological stressors (infection and parasites)

It has been well established that roach or bream infested by
the tapeworm Ligula intestinalis can experience an inhibition
of gonad development andmaturation, as well as reduction in
the expression of secondary sex characteristics inmales. This is
probably due to an increase in Cyp19a expression in the
gonads and a decrease in the plasma sex steroids 17b-estra-
diol and 11-ketotestosterone, as well as decreases in plasma
VTG concentrations and gene expression of VTG in liver, and
an increase in Cyp19b expression in the brain observed in
infectedfish (HeckerandKarbe2005;Boulange-Lecomteet al.
2011; Trubiroha et al. 2011). Some infective agents, such as
mycobacteria, microsporidia, or parasites, such as helminths,
canbepresent infishwithoutanyovert signsof illness, external
lesions, and/or abnormal behavior. They can be found in the
histopathological examination, suggesting the importance of
control fish health for testing of EDs.

RECOMMENDATIONS AND CONCLUSIONS
This paper has described various lines of evidence that

can be used in a WoE process employing biologically
plausible AOPs in support of the evaluation of a chemical
as an EDS. The complexity of such an evaluation was
also discussed, and examples are provided of potential
confounders, influencers, and limitations. Although the
majority of the examples were from ecotoxicology, most of
the recommendations are relevant for both human health
and ecological assessments of endocrine activity. A well-
considered evaluation, using all available lines of evidence,
has the potential to reveal the MoAs that may be involved in
toxic responses in nontarget organisms. A sequence of
2016 The Authorsom/journal/ieam



Box 1. Questions to consider when evaluating a
chemical for endocrine disruption

Are the reports and/or papers being used for the
evaluation reliable and relevant (including that the experi-
mental exposure occurred at the concentrations intended
and that the effects observed are a result of that exposure)?
Are apical endpoints affected that are related to

endocrine modes of action?
Are the effects observed concentration dependent?
What modes of endocrine action might affect the apical

endpoint?
Is there overt toxicity at the test concentrations that also

affect the apical endpoint of interest?
Are there other nonendocrine modes of action that

share key events in the mode of action under evaluation?
Are the effects observed consistent across taxa when

the underlying physiology is similar?
What mechanistic data are available that support a

molecular-initiating event or key eventupstream of the
potential modes of action?
Do key events at lower levels of biological organization

(such as cell and tissue level) occur before key events at
higher levels of biological organization (such as organ and
individual level)?
Is the incidence and/or magnitude of key eventupstream

greater than that for the key eventdownstream?
Does key eventupstream occur at earlier time points than

key eventdownstream?
Are there recovery or augmentation experiments that

elicit the expected response in the downstreamkey event?
For each key event relationship, is there sufficient

weight-of-evidence support?
If there are multiple modes of action, do concentrations

that result in key events overlap?
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questions has been developed to provide researchers and
regulators with an initial decision process to resolve
whether a chemical under question should be considered
as an EDS (Box 1). These questions are general and could
apply to both human health and ecological assessments.
Specifically, these questions help users to evaluate the
available information in a hypothesis-driven WoE approach.
Although these questions are not exhaustive, they do
summarize the fundamental concepts described in this
paper and are intended to be used as a guide when
conducting endocrine MoA evaluations.
Disclaimer—The views and statements expressed in this

paper are those of the authors alone. The views or statements
expressed in this publication do not necessarily represent the
views of the organizations to which the authors are affiliated,
and those organizations cannot accept any responsibility for
such views or statements.
Data availability—All data are publicly available, either in

peer-reviewed journals or government reports.
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